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Abstract

We measured uptake length of 15NO {
3 in 72 streams in eight regions across the United States and Puerto Rico

to develop quantitative predictive models on controls of NO {
3 uptake length. As part of the Lotic Intersite

Nitrogen eXperiment II project, we chose nine streams in each region corresponding to natural (reference),
suburban–urban, and agricultural land uses. Study streams spanned a range of human land use to maximize
variation in NO {

3 concentration, geomorphology, and metabolism. We tested a causal model predicting controls
on NO {

3 uptake length using structural equation modeling. The model included concomitant measurements of
ecosystem metabolism, hydraulic parameters, and nitrogen concentration. We compared this structural equation
model to multiple regression models which included additional biotic, catchment, and riparian variables. The
structural equation model explained 79% of the variation in log uptake length (SWtot). Uptake length increased
with specific discharge (Q/w) and increasing NO {

3 concentrations, showing a loss in removal efficiency in streams
with high NO {

3 concentration. Uptake lengths shortened with increasing gross primary production, suggesting
autotrophic assimilation dominated NO {

3 removal. The fraction of catchment area as agriculture and suburban–
urban land use weakly predicted NO {

3 uptake in bivariate regression, and did improve prediction in a set of
multiple regression models. Adding land use to the structural equation model showed that land use indirectly
affected NO {

3 uptake lengths via directly increasing both gross primary production and NO {
3 concentration.

Gross primary production shortened SWtot, while increasing NO {
3 lengthened SWtot resulting in no net effect of

land use on NO {
3 removal.
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Humans have doubled the input of nitrogen (N) into the
biosphere, fundamentally altering productivity and com-
munity structure in recipient ecosystems (Rabalais et al.
2002; Kemp et al. 2005). This elevated supply directly alters
rates of N processing and cycling in terrestrial and aquatic
ecosystems. Increased N can saturate biotic uptake causing
ecosystems to retain a lower fraction of inputs (Aber et al.
1989; Bernot and Dodds 2005; Earl et al. 2006). The degree
to which ecosystems respond with higher N transformation
rates (e.g., denitrification) or storage (e.g., assimilatory
uptake) will in part determine the extent of their alteration
by excess N loading.

Streams and rivers play a central role in landscape-level N
cycling because they can both transport N to other
ecosystems and be hot spots in the landscape for N
transformation, storage, and removal (McClain et al.
2003). Because only 10–25% of terrestrial N inputs reach
the coastal ocean (Howarth et al. 1996; Schaefer and Alber
2007), even small changes in rates of N removal and storage
as water makes it way through river networks may translate
into large proportional changes in N flux to downstream
ecosystems (Mulholland et al. 2008). Nitrate (NO {

3 )
concentrations in surface waters vary over five orders of
magnitude from ,0.1 mg N L21 in undisturbed catchments
(Hedin et al. 1995) to .10,000 mg N L21 in waters
associated with substantial urban and agricultural land use
(Royer et al. 2004). In N-polluted streams, NO {

3 is the
dominant form of N export (Hedin et al. 1995; Royer et al.
2006) and excess NO {

3 can cause eutrophication or even be
toxic in receiving streams and lakes (Dodds and Welch 2000).
Assessing changes in NO {

3 removal from the water column,
both as temporary assimilatory storage (i.e., in biomass) and
permanent removal via denitrification is central to under-
standing how upstream processes may regulate delivery of
bioreactive N to downstream ecosystems.

Nitrate uptake length, SW, represents the average
distance traveled by a NO {

3 ion prior to being removed
from the water column and it is a primary metric for
understanding NO {

3 removal from streams (Stream Solute
Workshop 1990). The fate of this N varies; some N is
denitrified (Mulholland et al. 2008), much is assimilated
and quickly mineralized (Ashkenas et al. 2004), while
another fraction is assimilated and retained in extended
storage for .1 yr (Ashkenas et al. 2004). Despite 227
individual measurements of NO {

3 uptake length found in
the literature (Tank et al. in press), we lack a general
predictive model for the controls governing NO {

3 uptake
length because most individual studies include only a few
streams, and even fewer studies measure drivers that may
control uptake length (e.g., carbon metabolism; Hall et al.
2003; Fellows et al. 2006).

Research to date shows several important controls on
NO {

3 uptake length: (1) uptake length increases with
stream size (measured as specific discharge, discharge/
stream width [Q/w]), because faster, deeper streams carry
nutrients farther downstream before removal by benthic
processes (Peterson et al. 2001; Hall et al. 2002); (2) uptake
lengths increase as greater dissolved inorganic N concen-
trations increasingly satiate biotic demand (Dodds et al.
2002; Earl et al. 2006; O’Brien et al. 2007); (3) biotic

demand by algae and bacteria shorten NO {
3 uptake length

(Hall and Tank 2003; Fellows et al. 2006; Newbold et al.
2006) and metabolic rates should in part be determined by
N concentrations; and (4) land use will indirectly modify
nutrient uptake, by altering metabolism (via effects on light
and nutrients) or increasing inorganic N loading to the
stream (Newbold et al. 2006).

As part of the Lotic Intersite Nitrogen eXperiment II
(LINX II), we measured uptake lengths of 15NO {

3 in 72
streams in eight regions to develop quantitative predictive
models on controls of NO {

3 uptake length. We chose
streams that spanned a range of extant land use and
associated variation in NO {

3 concentration, geomorphol-
ogy, and metabolism. The broad diversity of stream types
and land uses fostered constructing quantitative relation-
ships between predictor variables and NO {

3 uptake length.
This paper expands on our findings that both denitrifica-
tion and biological assimilation show a loss of efficiency of
NO {

3 uptake with increasing NO {
3 concentration (Mul-

holland et al. 2008). Together with a companion study
(Mulholland et al. 2009) that resolves rates and controls on
denitrification in the same studied streams, our objective in
this study was to estimate rates and controls of total NO {

3
removal by streams. We asked three questions: (1) How do
NO {

3 uptake lengths and other uptake metrics vary across
the 72 streams in United States and Puerto Rico? For this
question, we used a comparative approach to evaluate how
these rates compare with existing data (Tank et al. 2008). (2)
How do specific discharge, NO {

3 concentration, and
metabolism interact to control NO {

3 uptake lengths in
streams and to what extent does land use interact with these
factors to indirectly regulate NO {

3 uptake? We tested a
model of controls on NO {

3 uptake length using structural
equation modeling and previously identified control vari-
ables. In addition we expanded the model to include land use
in order to examine indirect pathways by which land use
alters NO {

3 uptake. Structural equation modeling allows
testing a hypothesized pattern of causation with data. By
comparing the actual covariance structure of the data with
the covariance structure that would exist based on the
hypothesized model, we can examine both whether the
model is consistent with the data and also measure the
coefficients of direct and indirect pathways. (3) To what
degree do other measured biotic, chemical, and hydrological
variables, beyond those in the structural equation models,
improve predictions of NO {

3 uptake length? Because we did
not have a priori causal and structural predictions for all of
these variables, we constructed multiple regression models
and evaluated them using Akaike’s Information Criterion
(AIC; Burnham and Anderson 2002).

Methods

Study sites—We selected 72 streams, encompassing nine
streams in each of eight regional sites (Fig. 1). Within each
region we categorized streams into each of three land-use
types (native, agricultural, or suburban–urban-dominated
catchments) based upon near-stream observations and
catchment analysis of land use using a geographic informa-
tion system. Streams draining native vegetation (hereafter

654 Hall et al.



referred to as reference streams) varied according to biome
and were dominated by local vegetation (e.g., forests, desert
scrub, shrub-land, or grassland). Agricultural streams also
varied regionally and included row-crop agriculture, pas-
ture, and open range. Suburban–urban streams drained
suburban housing, condominiums, dense urban areas,
community parks and playfields, and golf courses. For each
of the 72 streams, we quantified land use in each catchment
using United States Geological Survey land-cover classifi-
cations (Mulholland et al. 2008). In this paper we use a single
metric of land-use intensity, the fraction of catchment area in
suburban–urban and agricultural land uses combined.
Selected study streams were generally small but there was
a broad range in both discharge (median discharge during
the experimental addition was 18 L s21, and ranged from
0.2 L s21 to 270 L s21) and NO {

3 concentration at the time
of the experiment ranged 200,000-fold from 0.1 mg NO3–
N L21 to 21,000 mg NO3–N L21.

15NO3 injections, sampling, and analysis—We measured
NO {

3 removal using 72 stable N isotope tracer additions;
protocols are detailed in the online appendices to Mulhol-
land et al. (2008) and briefly summarized here. We
continuously injected K15NO3 and a conservative tracer
(NaCl or NaBr) using a fluid-metering or peristaltic pump
into each of the 72 streams for 24 h with injections
beginning at 12:00–13:00 h local time. The target d15N
value of the NO {

3 pool was +20,000%, corresponding to a
relatively modest 7.5% increase in the total NO {

3
concentration across all sites. We conducted these exper-
iments during the time of year with high biological activity
(i.e., spring and summer).

In each stream, we sampled 15NO {
3 at six stations

downstream from the addition point to measure the decline
in 15N tracer flux. We sampled immediately prior to the
addition, and at 12 h and 23 h into each addition to
compare 15N–NO {

3 uptake diurnally. At each station we

collected filtered water samples to measure NO {
3 ,

d15NO {
3 , and conservative tracer concentration (Br2 or

Cl2).
We sampled 15N–NO {

3 concentration by filtering 0.1–2
L water in the field. In the laboratory we added a known
amount of unlabelled KNO3 to each sample to dilute the
estimated d15N–NO {

3 from 20,000% to ,4000% for
analytical purposes. For streams with low NO {

3 concen-
tration, KNO3 dilution had the added benefit of increasing
N mass to the detectable range (,20 mg N) for mass
spectrometry. We then added 3 g MgO and 5 g NaCl to
each sample and reduced the volume to ,0.1 L by boiling
following Sigman et al. (1997). After cooling we poured
each sample into a 250-mL polyethylene bottle from which
we suspended an acidified (0.063 mmol KHSO4), 10-mm
glass-fiber filter sandwiched between two 25-mm Teflon
filters. We added 5 g Devarda’s alloy to reduce NO {

3 to
NH3 and immediately sealed the bottle. Bottles were
incubated for 1 week on a shaker table in order to diffuse
NH3 from the aqueous solution onto the acidified filter as
NH z

4 (Sigman et al. 1997). Following incubation we
removed the acidified filters from their Teflon sandwiches,
dried them in an acid desiccator and sealed them in tin
capsules for mass spectrometer analysis. We analyzed
samples for 15N using either a PDZ Europa 20–20
instrument at the Marine Biological Laboratory in Woods
Hole, Massachusetts , a PDZ Europa 20–20 instrument at
University of California, Davis, or a ThermoFinnigan
Delta Plus at Kansas State University.

Isotopic values are reported as d15N where d15N (%) 5
[(Rsamp/Rstd) 2 1]1000, Rsamp is the 15N/14N of the sample
and Rstd is the 15N/14N of the standard, atmospheric N2.
We converted d15N to mole fraction (MF; 15N/(14N + 15N)).
Mole fraction excess of NO {

3 was calculated by sub-
tracting out ambient MF of NO {

3 (near 0.003663). We
calculated excess concentration of 15N excess of NO {

3 at
each station downstream of the addition site by multiplying

Fig. 1. The 72 study sites were located in eight regions across the United States and Puerto
Rico representing six biomes. Abbreviations are Oregon (OR), Wyoming (WY), Michigan (MI),
Massachusetts (MA), North Carolina (NC), Puerto Rico (PR), Kansas (KS), and Southwest (SW).
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MF excess by the measured NO {
3 concentration at that

station. We then calculated the flux of 15NO {
3 at each

station by multiplying 15NO {
3 concentration by discharge

measured as dilution of the added conservative tracer (Br2

or Cl2).

Associated field measurements—At each site we mea-
sured a suite of biotic and abiotic variables to statistically
relate them to NO {

3 uptake including: temperature using
data sondes; canopy cover estimated using a densiometer at
10 transects along each study reach; wetted stream width at
5–10-m intervals; velocity, estimated as the time to half-
plateau concentration during conservative tracer additions;
mean depth calculated as discharge/(width 3 velocity); and
the size of transient storage zone estimated by fitting a one-
dimensional advection, dispersion, and transient storage
model to conservative tracer data (Runkel 1998). During
metabolism measurement (described below) we continu-
ously recorded photosynthetically active radiation at one
point near the stream.

Chemical measurements included NO {
3 concentration,

measured using ion chromatography or colorimetry; NH z
4 ,

measured using indophenol colorimetry or fluorometry; solu-
ble reactive phosphorus (SRP) measured using molybdate-
blue colorimetry. Each macronutrient was measured at every
station along the reach, and for N species, during both day
and night. We also measured dissolved organic carbon using
high-temperature combustion on a Shimadzu TOC analyzer.

We measured both functional (metabolism) and struc-
tural (e.g., algal standing stocks) attributes of stream biota.
Gross primary production (GPP) and ecosystem respira-
tion (ER) were measured using open-channel diel oxygen
budgets (Odum 1956; M. J. Bernot unpubl.). Oxygen
exchange was measured using tracer gas injections (SF6 or
propane) following the 24-h stable isotope addition
(Wanninkhof et al. 1990; Marzolf et al. 1994). In addition,
we measured standing stocks of several benthic organic
matter components (coarse and fine benthic organic
matter, epilithon, bryophytes, filamentous algae, vascular
plants) by quantitatively sampling them at 5–10 locations
in each experimental stream reach. Samples were dried at
50uC and ashed at 500uC to convert to ash-free dry mass.

Data analysis—We calculated 15NO {
3 uptake length

(SWtot; i.e., the average distance traveled by a NO {
3 ion

prior to removal from the water), using a first-order model
(Newbold et al. 1981),

ln15 NO{
3 x ~ ln15 NO{

3 0 { ktotx ð1Þ

where 15NO {
3 x is 15NO {

3 flux at meter x, 15NO {
3 0 is flux

at meter 0 (i.e., the tracer addition point), ktot is the uptake
rate (m21) and x is distance downstream (m). SWtot (m) is
calculated as 1/ktot.

Uptake length is, in part, driven by depth and velocity
because fast, deep streams will transport NO {

3 farther
before uptake. We calculated uptake velocity (vf, m min21)
to compare uptake among streams with varying depths and
velocities (Davis and Minshall 1999; Hall et al. 2002).
Uptake velocity can be considered the demand for a

nutrient relative to its concentration and is calculated as

vf ~ Q | ktot=w ð2Þ

where Q is stream discharge (m3 min21), and w is stream
wetted width (m). Note that Q/w 5 velocity 3 depth. We
used specific discharge as a metric of stream size because
given a constant nutrient demand (i.e., constant vf) uptake
length SWtot should scale linearly with Q/w. The uptake
velocity can be used to calculate the areal uptake flux U
(mg N m22 min21) which is the mass of N removed from
water per area per time as

U ~ vf | NO{
3

� �
ð3Þ

where [NO {
3 ] is the average ambient concentration of

NO {
3 in stream water (mg N m23). We report U, but we

focus on SWtot because it is calculated independently from
two important predictor variables, Q/w and [NO {

3 ].
We log10-transformed non-fractional data prior to

analysis because data were non-normally distributed with
variance increasing with the mean. Land-use fractions were
arcsine-square-root–transformed. To examine variation
among regions and land-use categories we used two-way
ANOVA with fixed effects. Diel differences in NO {

3
cycling metrics were examined using paired t-test. Bivariate
regressions were estimated using ordinary least squares. All
statistics were calculated using the statistical package R (R
Development Core Team 2006).

We used two complementary multivariate statistical
approaches. The first was structural equation modeling
(SEM) using observed variables (Shipley 2000; Grace
2006), which is similar to path analysis. We used this
approach because we had a priori hypotheses relating
primary controls directly to SWtot (Fig. 2A; see Introduc-
tion). To this simple model we added human land use
measured as fraction of area with agriculture + suburban–
urban cover within each catchment (Fig. 2B). We modeled
land use as an indirect effect (i.e., land use can only modify
proximate variables such as riparian vegetation, stream
morphology, or nutrient concentrations and not directly
affect nutrient dynamics). Based on the resulting correla-
tion tables, we found two correlations in exogenous
variables for which we had no a priori hypotheses;
therefore, we modeled these as unspecified covariances
(see Results). Structural equation modeling tests this
hypothesized causal model of controls on nutrient uptake
and estimates coefficients for each path (Shipley 2000).
Using the package sem in R, we fit the expected covariance
matrix based on the path model to the covariance matrix
derived from the data by iteratively solving for a maximum
likelihood solution (Fox 2006; R Development Core Team
2006). We used a chi-square–based goodness-of-fit test
where p . 0.05 showed that the model structure was
consistent with the data. We report unstandardized
coefficients, rather than standardized coefficients, which
allows measuring the direct effect of a predictor (e.g., NO {

3
concentration) on a response variable (Grace 2006). To
estimate the fraction of variation explained by the models,
we calculated error variance for SWtot in a model with
standardized coefficients.
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We also evaluated a set of multiple linear regression (MLR)
models to complement the SEM analysis. We addressed two
specific questions to address with the MLR analysis. What
other variables besides those identified a priori and included
in the SEM analysis may serve as useful predictors of NO {

3
uptake? How does the predictive capability of correlative
MLR models compare with structured causal-based models
of NO {

3 uptake from SEM analysis?
We selected the set of MLR models using AIC, which

balances model predictive ability and parsimony (Burnham
and Anderson 2002). Relative differences between AIC
values provide empirical support for individual MLR
models in a candidate set (Burnham and Anderson 2002),
and we applied a small sample size correction to AIC values
(AICc) because of small sample size (n 5 59; excluding
missing values in explanatory terms; Burnham and
Anderson 2002). The relatively small sample size implied
that we would introduce substantial bias into the analysis if
uncorrected AIC values were used. We used a stepwise
procedure to select a set of MLR models that predicted
SWtot with differences in AICc values (Di) , 2.0. There were
19 variables describing hydrological, physical, chemical,
and biological characteristics of study streams available for
model selection. Additionally, we computed model likeli-
hood [L(gi|x)], relative model likelihood (wi), and adjusted
R2 for each MLR model in the candidate set (Burnham and
Anderson 2002).

Results

Bivariate relationships—For three of our study streams,
we found no statistically significant decline in 15NO {

3 flux
downstream; therefore, they were excluded from further
analysis. Among the 69 streams having significant down-
stream decline in 15N–NO {

3 flux, uptake length, SWtot,
varied considerably (median for 69 streams 5 777 m, range
5 20–18,000 m; Fig. 3). Uptake velocity (vf) median for all
streams was 0.42 mm min21 and individual streams ranged
from 0.024 mm min21 to 17.9 mm min21. Uptake velocity
varied among regions, but showed no relationship with the
three land-use categories (2-way ANOVA, region p ,
0.001, land use p 5 0.34, interaction, p 5 0.16). Streams in
Wyoming generally had the highest vf, while those in
Massachusetts were lowest (Fig. 3). Areal rates of NO {

3
uptake, quantified as U, varied both among sites and
among the three land-use categories (2-way ANOVA,
region p 5 0.006, land use p 5 0.0009), with the influence
of land use being robust across regions (region by land use
interaction, p 5 0.97). Reference streams had lower U
values than agricultural and suburban–urban streams.
Mean areal NO {

3 uptake was highest in Michigan and
Kansas and lowest in Oregon and Southwest streams; these
patterns were driven primarily by differences in background
NO {

3 concentration rather than differences in vf (Fig. 3).
Uptake velocities of NO {

3 , although variable, fell within
the range of 227 other previously published studies (Tank et
al. 2008). Uptake velocity (vf) declined as NO {

3 concentra-
tions in our 69 streams increased (solid points in Fig. 4A;
Mulholland et al. 2008). However, when solely considering
the 227 previous NO {

3 uptake measurements (open points;

Fig. 4A) no relationship existed between NO {
3 concentration

and vf (Fig. 4A). Uptake flux increased as NO {
3 concentra-

tions increased, but a shallower slope than would be predicted
based on the computation (Fig. 4B) showing fractional loss of
uptake flux. The slope of the relationship between log vf and
log NO {

3 did not vary among the eight regions because there
was no interaction between log NO {

3 and region (analysis of
covariance [ANCOVA], log NO {

3 p , 0.0001, site p 5 0.006,
interaction p 5 0.48), but the magnitude of vf varied strongly
among regions (Fig. 3). Similarly, the slope of log vf vs. log
NO {

3 did not vary among the three land-use categories
(ANCOVA, log NO {

3 p , 0.0001, land use p 5 0.05,
interaction p 5 0.78).

Past research has shown that diurnal and nocturnal values
for vf can differ because of the contribution of photoauto-
trophic assimilatory demand for NO {

3 (Mulholland et al.
2006). Daytime values of log vf (m min21) averaged 0.07
higher than night (paired t-test, p 5 0.038) which indicates
that vf averaged about 20% higher during the day than at
night. However, there was considerable variability in the diel
relationship in vf with 16 of 53 paired measurements lower
during day than during night. Moreover, the amount of
fractional change in vf from day to night did not significantly
correlate with GPP or NO {

3 .
Using simple linear regression analysis, land use

expressed continuously as the fraction of catchment area
in agriculture + urban land use explained only 5% of the
variation in vf. (Fig. 5). Land use more strongly predicted
areal uptake rate (U), with U increasing as human land use
increased (Fig. 5), a pattern likely driven by higher stream
NO {

3 concentrations in catchments with greater human-
influenced land cover (Fig. 6). Streams with high fractions
of human land use tended to also have higher GPP (Fig. 6).

Multivariate controls of Sw-tot—Structural equation
modeling identified some significant causal relationships
between predictor variables and SWtot. Our hypothesized
causal model of the controls on NO {

3 uptake was
consistent with the data (x2 test p 5 0.72, df 5 3; Fig. 7A)
and this SEM model explained 79% of the variance in log
SWtot. Significant paths to SWtot included those from Q/w,
NO {

3 , NH z
4 , and GPP. Ammonium and NO {

3 concen-
trations did not affect metabolic rates and the path from
ER to SWtot was not significant demonstrating that
metabolic control of SWtot was solely via GPP.

Path parameters can provide information on the
functional relationships between controls and SWtot. Those
in the simple model (Fig. 7A) are based on log-transformed
data; hence, the coefficients are exponential in scaling
relationships between predictor variables, with a slope of 1
indicating linear increase and slope between 0 and 1
indicating an increasing, but attenuating, relationship. For
example, the path parameter between NO {

3 and SWtot was
0.36, showing that SWtot lengthens as NO {

3 concentrations
increase, indicating a loss in overall uptake efficiency
(O’Brien et al. 2007; Mulholland et al. 2008). The path
parameter for the effect of Q/w on SWtot was 0.61 indicating
that uptake lengths increased less rapidly relative to
increasing Q/w. Expected value for the path parameter
was 1 because SWtot should increase linearly with Q/w. We
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tested the model fit by fixing the parameter from Q/w to
SWtot to 1; model fit was poor (x2 test p , 0.001), showing
that monotonic increase in SWtot with Q/w did not match
the data well.

Including human land use (i.e., the fraction of land area
under agricultural and suburban–urban land uses) in the

SEM model also produced a model consistent with the data
(x2 test p 5 0.45, df 5 4; Fig. 7B). Human land-use
intensity increased rates of GPP. Additionally, streams with
greater fractions of human land use had higher NO {

3 and
NH z

4 concentrations. Parameter estimates for paths from
GPP and NO {

3 to SWtot were of equal magnitude, but of

Fig. 2. Hypothesized causal models describing controls of NO {
3 uptake length (SWtot). Boxes are variables in the models. Arrows

are hypothesized causal relationships. Panel A is the simple model. Panel B describes a more complex model where changes in land use
affect controls on nitrogen cycling. GPP 5 gross primary productivity, ER 5 ecosystem respiration, NO3 5 nitrate concentration, NH4

5 ammonium concentration, Q/w 5specific discharge, and land use 5 the fraction of catchment area in agricultural + suburban–urban
land cover. For specifics on hypothesis generation, see Introduction.
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opposite sign, meaning that the overall effect of land use
was to effectively cancel out its indirect influence on SWtot.

Multiple linear regression models selected according to
AICc criteria contained similar variables as the SEM model
for SWtot (Table 1). All five selected models (Di , 4.0 of top
model) included stream slope, discharge, stream width,
NO {

3 concentration, NH z
4 concentration, and GPP.

Additionally, ER and Fmed
200, a metric of transient water

storage (Runkel 2002), were present in four of the five most
consistent models. Riparian shade and SRP concentration
occurred in one model each. However, likelihoods and
weights (Table 1) for these two models were nearly identical
to the model with the least number of explanatory variables,
suggesting that including these two variables was a statistical
artifact. In all models, multiple R2 was ,0.83, which was
only 0.04 units higher than the SEM model. Adjusted R2

values for these models were 0.79–0.80 (Table 1).

Discussion

Uptake length of NO {
3 was strongly regulated by the

combination of physical (specific discharge, Q/w), chemical

Fig. 3. (A) Nitrate uptake length (SWtot), (B) uptake velocity
(vf), and (C) uptake flux (U) varied greatly among the sites. Box-
and-whisker plots indicate mean (dot), 50th percentile (line in box),
25th and 75th percentiles (boxes), and 10th and 90th percentiles
(whiskers). Abbreviations for sites are the same as on Fig. 1.

Fig. 4. (A) Nitrate uptake velocity (vf, mm min21) declined
with increasing NO {

3 concentration in the 69 streams in this study
where NO {

3 removal was measurable (solid points). Line is least-
squares linear regression fit only to the 69 streams in this study.
Equation is log vf 5log[NO {

3 ] 3 20.462 + 0.574. Grey points are
227 other studies summarized from Tank et al. (2008). (B) Nitrate
uptake flux (U; mg N m22 min21) increased with NO {

3 concen-
tration as expected because U 5 [NO {

3 ] 3 vf. The plotted 1 : 1 line
shows expected relationship based on computation alone.
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(stream water NO {
3 concentration), and biological (GPP)

factors. Together, these three factors explained nearly 80%
of the variation in log SWtot based on measurements made
in 69 streams spanning a wide range of physical and
chemical properties. Having such a large number of
streams where 15N–NO {

3 tracer experiments were all
conducted with the same methods allowed for increased
statistical power in the face of the high background
variability inherent in studies of nutrient cycling in streams
(Simon et al. 2005).

Multiple regressions with AIC model selection included
the same variables we chose a priori for the causal-based

SEM approach. The MLR analysis suggested that other
variables related to channel hydraulics (i.e., Fmed

200, slope)
could explain some additional variation in log SWtot.
However, these more complex models explained only 4%
more variation than the SEM; thus, their additional
complexity provided only a small increase in predictive
capability.

Direct controls on NO {
3 removal—As expected, SWtot

lengthened as stream size increased, as previously noted in
other studies examining the relationship of SWtot with Q/w
(Wollheim et al. 2001; Hall et al. 2002) and Q (Peterson et

Fig. 6. (A) Gross primary production (GPP) and (B) NO {
3

concentration were positively related to proportions of suburban
and urban and agricultural land use, measured as arcsine-square-
root–transformed fraction of watershed area in both suburban
and urban and agricultural human land use (lu). Lines are least-
squares linear regressions with the equations log GPP 5 lu 3 0.72
2 0.22, p 5 0.012, r2 5 0.09, and log[NO {

3 ] 5 lu 3 1.62 + 1.18, p
, 0.0001, r2 5 0.21.

Fig. 5. (A) log nitrate (NO {
3 ) uptake velocity (vf) declined

slightly and (B) NO {
3 uptake flux (U) increased as a function of

land use, measured as the arcsine-square-root–transformed fraction
of watershed area in both suburban and urban and agricultural
human land use (lu). Lines are least-squares linear regressions with
the equations log vf 5 20.52 3 lu 20.65, p 5 0.04, r2 5 0.05 and log
U 5 1.11 3 lu + 1.12, p , 0.0001, r2 5 0. 19.
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al. 2001; Tank et al. 2008). Although our streams were not
large (max. Q was 270 L s21), discharge ranged 300-fold
across the 72 streams. A surprising finding is that the
parameter estimate between Q/w and SWtot was 0.61,
significantly lower than 1 (Fig. 7A). We expected that

SWtot would increase linearly with Q/w, yielding a
parameter estimate of 1 with log–log data. Instead the
parameter was ,1 showing that SWtot increased more
slowly than stream size. Model fit with the parameter fixed
to 1 was poor. This finding implies that larger streams have

Fig. 7. Structural equation models describing controls of NO {
3 uptake length (SWtot). Panel A is the simple model. Panel B describes

a more complex model where changes in land use affect controls on nitrogen cycling. Boxes are variables in the models. Single-headed,
solid arrows are paths that are signficantly different than 0, p , 0.05, and dotted arrows are hypothesized paths that were not significant.
Double-headed arrows are unhypothesized covariances. Numbers are unstandardized path coefficients. Error variance was calculated for
all variables, and is shown for SWtot. Italicized path coefficients leading from land use are not to be interpreted as power–law coefficients
because land use was arcsine-square-root–transformed. Abbreviations follow those in Fig. 2.
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relatively higher vf for NO {
3 than smaller ones, and that

this effect of stream size is independent of GPP and NO {
3 .

We might expect greater rates of GPP in larger streams due
to decreased channel shading (Vannote et al. 1980), but this
effect is addressed independently by the multivariate SEM.
Additionally Q/w and GPP were uncorrelated, so it is a
mystery as to why, in our sample of 69 small streams, SWtot

increased nonlinearly with increasing Q/w. It is possible
that larger streams have geomorphic characters that could
confer higher uptake rates. This possibility merits further
study as well as other potential mechanisms controlling
SWtot across a range of stream sizes.

The efficiency of NO {
3 removal declined as stream water

NO {
3 concentrations increased (Figs. 4, 7). If the param-

eter value from the SEM analysis between NO {
3 and SWtot

were 0 then streams would have infinite capacity to take up
excess NO {

3 and, therefore, uptake (U) would have
increased monotonically as NO {

3 concentrations increased.
If the SEM parameter were 1, streams would have no
excess biological processing capacity for NO {

3 and U
would be constant across a range of NO {

3 concentration.
Instead, the parameter value for NO {

3 concentration and
SWtot was between these two extremes at 0.36 (Fig. 7),
indicating a loss in efficiency for NO {

3 removal even while
more NO {

3 is being removed. This loss in efficiency causes
increased uptake length; for each 10-fold increase in NO {

3
concentration, uptake length increases 2.3-fold (i.e., 100.36).
As an example, if a 1-km reach had an uptake length for
NO {

3 of 5 km, then 18% of the NO {
3 load would be

removed; but a 10-fold increase in NO {
3 concentration

would reduce NO {
3 removal to only 8%, representing

about a 2-fold decline in removal efficiency.
The effect of declining nutrient uptake efficiency (as vf)

with increasing NO {
3 concentration (Fig. 4) has been

observed in other studies using approaches that examine
variation in ambient streamwater nutrient concentration
(Dodds et al. 2002) as well as through short-term
enrichment experiments, a method that can saturate uptake
(Earl et al. 2006). However, the pattern we observed of
declining vf with increasing NO {

3 concentration was not
evident in the review of 227 previously published studies
(Tank et al. 2008) even though the range of NO {

3
concentrations overlapped (Fig. 4). This finding suggests
that meta-analyses of existing studies of NO {

3 uptake,

most of which use the nutrient enrichment approach, may
be less powerful in elucidating mechanisms controlling
NO {

3 uptake. It is well-documented that solute releases
involving experimental manipulations of nutrients alter
absolute (U) and relative (vf) rates of uptake (Mulholland et
al. 2002; Earl et al. 2006). In the first LINX project
addressing N dynamics in 11 streams (Peterson et al. 2001),
comparison of SW for NH z

4 derived first by enrichment
and later via 15N release showed that enrichment reduced vf

2–20-fold for a given stream (Mulholland et al. 2002). In
our study of 69 streams, vf for NO {

3 was less variable than
those quantified by increasing NO {

3 concentration. Thus,
assessment of uptake metrics derived from enrichment
approaches may fit poorly with ambient measures of N
availability as indicated by our larger assessment of
previous studies. At least as important, however, is the
fact that isotopic-tracer methods allows us to detect much
smaller relative declines in flux and accurately represent N
processing in streams with little N capital. Lastly, we used
standardized techniques across all 69 studied streams,
which is not the case for previously published values.

Even though NO {
3 uptake efficiency (as vf) declined as

NO {
3 concentration increased, the slope of log vf vs. log

NO {
3 concentration never declined to 21 meaning that

there was no point at which high NO {
3 concentrations

completely saturated uptake (O’Brien et al. 2007). If uptake
flux (U) were saturated, then, vf would decline monoton-
ically with increasing NO {

3 concentration. Despite the
strong loss in efficiency of removal as NO {

3 concentration
increased, even streams with the highest concentrations
removed NO {

3 at higher total rates than streams with
lower concentrations, albeit at a lower fractional removal
rate. The three streams for which we could not measure
uptake had concentrations of 4, 112, and 154 mg NO3–
N L21, which were below or near the median NO {

3
concentration of 115 mg NO3–N L21.

Gross primary production strongly regulated SWtot with
high rates of GPP shortening SWtot. The parameter estimate
from the SEM analysis was 20.36 (Fig. 7) showing a
negative attenuating relationship between GPP and NO {

3
uptake. For a 10-fold increase in GPP, uptake length will
decline by 2.3-fold. The effect of ER on SWtot was not
significant, demonstrating that autotrophic processes
played a stronger role in NO {

3 uptake, mostly as

Table 1. Multiple linear regression models chosen with Akaike’s Information Criterion adjusted for small samples size (AICc)
predicting log10-transformed NO 3–N uptake length (Sw). Shown are the five best models where Di AICc , 2.0. The term L(gi|x) is the
probability that a particular model is the best given available data; wi is the evidence that an individual model is the best among the
competing models (all wi terms sum to 1) assuming that the best model occurs in the candidate set (Burnham and Anderson 2002).

Rank Model covariates* AICc Di AICc Likelihood L(gi|x) wi Adj. R2

1 GRAD, Q, w, FM200, NO {
3 , NH z

4 , GPP, ER 2130.17 0.00 1.00 0.33 0.80

2 GRAD, Q, w, FM200, NO3, NH z
4 , GPP 2129.69 0.48 0.79 0.26 0.80

3 GRAD, Q, w, FM200, NO {
3 , NH z

4 , GPP, ER, shade 2128.50 1.66 0.44 0.14 0.80

4 GRAD, Q, w, NO {
3 , NH z

4 , GPP, ER 2128.47 1.70 0.43 0.14 0.79

5 GRAD, Q, w, FM200, NO {
3 , NH z

4 , GPP, ER, SRP 2128.24 1.93 0.38 0.13 0.80

* GRAD 5 stream gradient; Q 5 discharge; w 5 stream width; FM200 5 Fmed
200; NO {

3 5 NO3–N concentration; NH z
4 5 NH4–N concentration; GPP

5 reach-scale gross primary production; ER 5 ecosystem respiration; shade 5 riparian canopy cover; SRP 5 soluble reactive phosphorus. All covariates
were log10-transformed prior to analysis. Not listed are alternative models with a Di AICc . 2.0; Di AICc 5 AICc,i 2 AICc,1 where i is model rank.
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assimilatory demand (Mulholland et al. 2008). This
relationship is consistent with stoichiometric expectations,
because higher rates of C fixation drive higher assimilatory
demand for N (Hall and Tank 2003; Mulholland et al.
2006). Interestingly, when the denitrified fraction of NO {

3
uptake was considered separately, ER was significantly
related to dentrification in the same streams (Mulholland et
al. 2009), demonstrating that heterotrophic activity more
strongly regulates the dissimilatory component of NO {

3
removal. The positive effect of GPP on NO {

3 uptake has
been noted in other studies; GPP was positively related to
NO {

3 vf in streams in Grand Teton National Park
(Wyoming) while ER was not (Hall and Tank 2003). Also
using the 15N tracer approach, Mulholland et al. (2006)
showed that NO {

3 uptake was related to seasonal and day-
to-day variations in GPP produced by differences in light
availability in a small, forested stream. Nitrate vf was
positively related to both GPP and ER in four streams
spanning a gradient in light availability, although the
relationship with ER was much weaker (Fellows et al.
2006). Ammonium vf in New York streams was positively
related with both GPP and ER (Newbold et al. 2006).
However, not all studies have found a positive relationship
between GPP and nitrogen uptake. Nitrate vf was positively
related to ER, but not to GPP in three forested streams in
the Upper Peninsula of Michigan (Hollein et al. 2007). A
multisite 15NH z

4 tracer study among 10 streams found no
relationship between ecosystem metabolism and NH z

4 vf

(Webster et al. 2003). Given these variable results, it is
possible that in some studies there are not enough replicates
to provide suitable statistical power to detect relationships
between uptake and GPP (Webster et al. 2003). With the 69
streams included in this study, multivariate methods were
able to isolate the controlling role of GPP, along with
stream size and NO {

3 concentration on SWtot.
Given the strong effect of GPP on SWtot, daily variation

in light should drive diel variation in SWtot, with shorter
uptake lengths during the daylight reflecting C fixation and
assimilatory reduction of NO {

3 (Mulholland et al. 2006).
Surprisingly, despite a trend toward higher vf (i.e., shorter
SWtot) during the day, the pattern was not ubiquitous;
about one-third of the streams had lower vf during the day.
Additionally, the change in vf between night and day was
not related to the magnitude of GPP, which contradicted
our expectation that streams with higher GPP should also
have greater diel variation in NO {

3 demand. Few published
comparisons of NO {

3 uptake during day vs. night are
available. Using elevated NO {

3 additions, Fellows et al.
(2006) found that uptake was higher during the day in four
streams, but the difference was not statistically significant
for any one stream, which is consistent with our findings. In
contrast, Mulholland et al. (2006), using 15NO {

3 tracer
addition approach, found that peak daytime uptake was at
least twice night uptake in early spring when light levels
were high, but there was little diel difference during
summer when light levels were low in this closed-canopy
forested stream. It is possible that increased demand for
NO {

3 as an electron acceptor (e.g., via denitrification) at
night when oxygen is lower might reduce the difference in
demand between day vs. night; but, we observed little diel

variation in denitrification rates across our 69 streams
(Mulholland et al. 2009). In addition, with denitrification
averaging 16% of total uptake (Mulholland et al. 2008),
variation in assimilatory demand should drive variation in
total NO {

3 removal rather than variation in denitrification.
Alternatively, NO {

3 uptake rates may decline slowly at
night as recently fixed photosynthate is gradually depleted,
and our midnight measurements of uptake may not reflect
peak differences between day and night uptake (Mulhol-
land et al. 2006).

Indirect effect of land use—Land-use categorization was
not immediately apparent as an attribute controlling NO {

3
uptake. Uptake velocity varied little among our three
assigned land-use categories and human land cover only
weakly predicted vf in a linear regression (Fig. 5). Further,
land use did not appear as a significant predictor in
multiple regression models. Based on these findings, it is
tempting to conclude that land use had only a small effect
on rates of NO {

3 uptake in streams. However, SEM
demonstrated that land use in fact had strong, but largely
indirect effects on N dynamics. Streams in areas of high
suburban–urban or agricultural land cover had higher
NO {

3 concentrations presumably as a result of anthropo-
genic loading via fertilizer application. These same streams
also had higher GPP likely because of decreased shading
due to a lack of riparian vegetation along agricultural
streams (M. J. Bernot unpubl.). Increased GPP shortened
SWtot, whereas increased NO {

3 concentrations lengthened
SWtot, thus canceling out the overall effect of land use on
SWtot. The effect of land use was strong, but ultimately had
no net effect on SWtot. These results demonstrate the
strength of the SEM approach for increasing understanding
of causal relationships in stream nutrient cycling; this
technique revealed indirect causes of land use on NO {

3
uptake, even if the net effect was small. These findings
consider the entire sample of 69 streams. In particular
regions or streams the counteracting effects of land use
might not be so balanced, and land use could then strongly
influence N biogeochemistry; for example, percentage
forest cover was positively related with NH z

4 vf in 10
catchments in New York (Newbold et al. 2006).

A caveat of this research is that it represents a snapshot
of N cycling conducted at baseflow during the biologically
active season. By necessity, in order to compare among 72
streams we imposed this restriction. However, hydrologic
variability certainly will drive variation in N cycling among
streams. For example, urban streams tend to be much
flashier hydrologically (Paul and Meyer 2001); thus, they
may be expected to be much less retentive of N over longer
time scales. Future research should incorporate hydrologic
variability, preferably in studies using isotope tracers that
assess longer term fate of tracers (Ashkenas et al. 2004).

This study clearly demonstrates that streams, even those
altered by humans, can remove NO {

3 from transport.
However these streams removed a smaller fraction of their
NO {

3 load as NO {
3 concentrations increased. Streams

became less efficient at NO {
3 removal (O’Brien et al. 2007;

Mulholland et al. 2008) causing uptake lengths to increase 2.3
times with each 10-fold increase in NO {

3 . By having many
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replicates and identical methods, closely coordinated studies
such as ours can elucidate relationships that may not be
apparent in meta-analyses. Models that consider NO {

3 loss
from streams in an effort to predict export to downstream
ecosystems should consider the role of NO {

3 concentration
in regulating this removal rate (Mulholland et al. 2008).
Variability of vf was high and far exceeded the range
of simulated vf used in other modeling efforts such as
Wollheim et al. (2006). Our results provide a means to
link physical and biological mechanisms of N cycling to
observed patterns in net NO {

3 removal in river networks
(Alexander et al. 2000; Bernhardt et al. 2005; Gruber and
Galloway 2008). Using the empirical models we have
developed can reduce uncertainty in predictions from
watershed export models.

An important finding is that most NO {
3 removal in

streams is not a result of denitrification, but rather due to
uptake via assimilatory processes (Mulholland et al. 2009).
Although denitrified N is permanently lost from the
stream, it averages only 16% of total NO {

3 uptake
(Mulholland et al. 2008). The ultimate fate of the remaining
assimilated NO {

3 –N is unknown, but includes mineraliza-
tion within a few weeks (Ashkenas et al. 2004), or exported
as dissolved organic nitrogen (DON) (L. T. Johnson
unpubl.) or particulate matter. Some NO {

3 may enter
hyporheic zones (Triska et al. 1989) and depositional areas
(Bernot and Dodds 2005) where some of the N may be
stored for .1 yr (Ashkenas et al. 2004). Unlike denitrifi-
cation this N is not permanently removed from the stream,
but rather stored for variable periods. Nonetheless this
assimilatory uptake and storage should contribute to
downstream water quality because much of assimilated N
is not moving downstream. The degree to which this
assimilated N will contribute to downstream flux of N will
depend on DON production and benthic seston suspension
and transport (Newbold et al. 2005). Although assimilated
N is not permanently lost from the stream, assimilation will
retard downstream transport of NO {

3 from streams before
it can be denitrified. Given that 16% of removed NO {

3 is
denitrified, in just six spirals, denitrification will perma-
nently remove NO {

3 . In addition, some fraction of
assimilated NO {

3 may be both mineralized and quickly
denitrified entirely within stream sediments, via coupled
nitrification–denitrification (Seitzinger et al. 2002). Finally,
assimilated N also could be transported to reservoirs
during floods, where it may be ultimately buried or
denitrified (Alexander et al. 2002; Seitzinger et al.
2002). Assimilation of NO {

3 by stream biota can increase
the degree to which streams function as sinks for N in
the landscape both by slowing down NO {

3 transport prior
to denitrification and by the potential for long-term
storage.
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